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Abstract The importance of lotic systems as sinks
for nitrogen inputs is well recognized. A fraction of
nitrogen in streamflow is removed to the atmosphere
via denitrification with the remainder exported in
streamflow as nitrogen loads. At the watershed scale,
there is a keen interest in understanding the factors
that control the fate of nitrogen throughout the stream
channel network, with particular attention to the
processes that deliver large nitrogen loads to sensitive
coastal ecosystems. We use a dynamic stream
transport model to assess biogeochemical (nitrate
loadings, concentration, temperature) and hydrolog-
ical (discharge, depth, velocity) effects on reach-scale
denitrification and nitrate removal in the river networks
of two watersheds having widely differing levels of
nitrate enrichment but nearly identical discharges.
Stream denitrification is estimated by regression as a
nonlinear function of nitrate concentration, stream-
flow, and temperature, using more than 300 published
measurements from a variety of US streams. These
relations are used in the stream transport model to
characterize nitrate dynamics related to denitrification
at a monthly time scale in the stream reaches of the two
watersheds. Results indicate that the nitrate removal
efficiency of streams, as measured by the percentage of
the stream nitrate flux removed via denitrification per
unit length of channel, is appreciably reduced during
months with high discharge and nitrate flux and
increases during months of low-discharge and flux.
Biogeochemical factors, including land use, nitrate
inputs, and stream concentrations, are a major control
on reach-scale denitrification, evidenced by the dis-
proportionately lower nitrate removal efficiency in
streams of the highly nitrate-enriched watershed as
compared with that in similarly sized streams in the
less nitrate-enriched watershed. Sensitivity analyses
reveal that these important biogeochemical factors and
physical hydrological factors contribute nearly equally
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to seasonal and stream-size related variations in the
percentage of the stream nitrate flux removed in each
watershed.
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Introduction
Recent progress in the measurement and modeling of
denitrification in lotic ecosystems includes reach-
scale measurements that account for hyporheic
effects (e.g., Bo¨hlke et al. 2004; Mulholland et al.
2004, 2008) and empirical and mechanistic models of
aquatic denitrification that quantify nitrogen removal
over watershed scales (Boyer et al. 2006). These
studies highlight the importance of both hydrological
and biogeochemical factors that control denitrifica-
tion. Hydrological discharge regimes affect the
degree of interaction of the water column (and its
nutrient load) with the hyporheic streambed sedi-
ments; rates of nutrient removal via denitrification are
typically higher under low versus high-discharge
conditions, related to the effects of water depth and
velocity. Biogeochemical cycles in aquatic ecosys-
tems affect (and are affected by) conditions in the
water column and streambed, including stream tem-
perature, the supply of biogenic nutrients (e.g.,
nitrate, organic carbon, dissolved oxygen), respiration
rates, and stream temperature, which all influence the
magnitudes and rates of denitrification (Boyer et al.
2006). Although much has been learned about the
principal controls on denitrification from process
studies in individual reaches and catchments (Pina-
Ochoa and Alvarez-Cobelas 2006; Birgand et al.
2007), the effects of denitrification on nitrogen
removal in river networks at regional scales have
been primarily inferred from empirical relations that
correlate the rates of nutrient removal with mean
annual discharge and related hydraulic measures for
streams and lakes (e.g., water velocity, depth, time of
travel; Howarth et al. 1996; Alexander et al. 2000,
2008; Donner et al. 2002; ; Seitzinger et al. 2002;
Boyer et al. 2006; Wollheim et al. 2006, 2008a).
These hydrological properties are generally well
correlated with the measures of denitrification
reported in the literature, explain considerable spatial
variation in aquatic nitrogen removal, and are readily
generalized for large river networks from geospatial
data.
By contrast, much less has been reported about
how denitrification affects nitrogen removal within
river networks in response to inter-annual and
seasonal variability in denitrification, water-column
nutrient concentrations and loads, and hydrological
discharge regime. One difficulty is that stream
denitrification is most commonly measured during
the warmer months of the year and typically during
low to moderate discharge conditions that are neces-
sary to ensure the accuracy of tracer studies. Little is
known about nitrogen removal during periods of high
discharge, when much (and typically most) of the
riverine nitrogen load is transported from watersheds
and delivered to coastal waters, where reactive
nitrogen has contributed to the degradation of estu-
arine ecosystems. Nutrient spiraling concepts and
first-order kinetics suggest that the fraction of nitro-
gen removed in streams (i.e., 1-e-kt) would be
expected to decrease during high-discharge periods
because of reduced water contact time in reaches,
related to a decline in both the volume-dependent
reaction rate constant (k) and water residence time (t).
The few studies of seasonal variability in discharge
and nitrate flux in relation to seasonal rates of
denitrification (Royer et al. 2004; Smith et al. 2006;
Bo¨hlke et al. 2008) indicate that the removal of
stream nitrate mass by denitrification in Midwestern
streams is relatively inefficient during high-
discharge, spring periods of the year because of the
relatively high nitrate concentrations and loads as
well as high water velocities (and low solute
residence times). Other studies (Garcia Ruiz et al.
1998; Mulholland et al. 2008) also report the
mediating effects of nitrate concentrations and loads
on stream nitrate removal by denitrification. How-
ever, few attempts have been made to unravel the
coupled effects of biogeochemical (nitrate loadings,
concentration, temperature) and hydrological (dis-
charge, depth, velocity) factors on in-stream nitrogen
removal over space and time within river networks
(Wollheim et al. 2008b). These evaluations are
needed to improve understanding of the separate
effects of anthropogenic nitrogen sources and natural
hydrological variability on denitrification and nitro-
gen transport over a wide range of spatial and
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temporal scales, especially those relevant to the
coastal delivery of nitrogen.
Here, we use a dynamic stream transport model to
simulate denitrification-induced nitrate removal (i.e.,
nitrate losses) in the river networks of two case study
watersheds with highly contrasting levels of nitrate
enrichment (loadings and concentrations) and similar
discharge and hydraulic conditions. Unique to our
model is the use of more than 300 published field
measurements (Royer et al. 2004; Opdyke et al. 2006;
Smith et al. 2006; Opdyke and David 2007; Bo¨hlke
et al. 2008; Mulholland et al. 2008, 2009) to estimate
the dependence of stream denitrification on nitrate
concentration, temperature, and hydrological proper-
ties (discharge, water velocity, and depth). The field
data are available for a diverse set of US streams, and
include observations reported over time for selected
sites. A systematic comparison of these denitrifica-
tion data, as provided in this study, has not been
previously presented in the literature. We apply the
stream transport model to the first- through fourth-
order stream reaches of the two watersheds, using
their 1:100,000 scale river networks (enhanced ver-
sion of the national hydrography dataset, USGS
2000) and records of monthly discharge and nitrate
loadings spanning a 7–20 year period. In view of the
similar range of discharge and hydraulic properties in
the watersheds, differences between the watersheds
in the model predictions of nitrate removal primarily
reveal the impacts of nitrate enrichment, related to
the biogeochemical effects of nitrate loadings and
stream concentrations. Sensitivity evaluations of the
transport model are used to further separate biogeo-
chemical effects of nitrate enrichment from
hydrological effects (discharge, velocity, depth) on
temporal and spatial variability in stream nitrate
removal within the watersheds.
Methods: estimating stream nitrate transport
We constructed a dynamic transport model to sim-
ulate monthly nitrate flux and in-stream removal by
denitrification for the river networks of the two case
study watersheds. The model simulations are illus-
trative of the potential effects of denitrification on in-
stream nitrate removal and are not intended to
reproduce the actual in-stream nitrate flux that occurs
in these watersheds. In the first section of this paper,
we describe the conceptual and mathematical frame-
work of the transport model used to evaluate
denitrification effects on nitrate flux and in-stream
removal. In the second section, we provide back-
ground on the two case study watersheds. The third
section presents the published field measurements of
stream denitrification and the regression equations
that are used to estimate denitrification as a function
of key rate-controlling variables and simulate nitrate
dynamics in the transport model. In a final section,
we describe the methods for applying the transport
model to the river networks of the two watersheds.
The dynamic nitrate transport model
Our model of in-stream nitrate transport is based on a
one-dimensional version of the advection-dispersion
equation (e.g., Stream Solute Workshop 1990) that
includes non-conservative transport and assumes
negligible effects from solute mixing related to
dispersion and transient storage. We model nitrate
transport within a reach segment i as a steady-state
process within each month s under the assumption
that discharge (Qi,s) and cross-sectional area (Ai,s) are
constant during each month. Thus, the nitrate flux
(FDi;s; mass per unit time) at the downstream portion
of reach i can be expressed as the sum of two
components: the decayed nitrate fluxes from one or
more adjacent upstream reaches, denoted by j, and
the decayed lateral nitrate loadings from the incre-






where Fj,s is the stream nitrate flux exported from the
upstream reach, k is the volumetric-related, first-order
reaction rate constant (units of time-1), xi is the reach
length; and, FIi;s is the lateral input of nitrate flux in
surface and subsurface inflows from the incremental
drainage, subjected to one half of the water travel
time associated with the reach (in reality, the lateral
loadings are introduced along the entire stream reach,
which is simplified in the reach segmentation of the
model by assuming that the nitrate inputs travel, on
average, one half the length of the reach). Note that
Qi;s
Ai;s
is the mean water velocity, vi,s (units of length




. Note also that the original advec-
tive-dispersion equation is described in terms of
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concentration and discharge, which is alternatively
expressed as flux in Eq. 1.
Equation (1) gives the steady-state solution to the
advection-dispersion equation, which has been com-
monly employed in nutrient spiraling studies over
short time scales (e.g., Newbold et al. 1981) and in
large-scale watershed mass balance studies over long
time scales (e.g., Donner et al. 2002; Alexander et al.
2008). Assuming that the reaction rate constant is
first-order, this rate may be expressed as a function of
the benthic areal denitrification rate (Ui,s) and the








where Vf is a mass-transfer rate coefficient (i.e.,
apparent ‘‘settling’’ velocity or uptake velocity;
units = length time-1) and d is the water depth.
Conceptually, the mass-transfer rate is the vertical
velocity at which nitrate mass migrates from the
water column to the benthic sediment and is removed
via denitrification. Under the assumptions associated
with Eq. 2, the mass-transfer coefficient has been
frequently cited as a measure of biological differ-
ences in nitrogen removal among experimental sites
because the measure is mathematically independent
of hydrologic-related properties, such as water depth
(Wollheim et al. 2006). Note, however, that this
independence does not hold if the assumptions of
steady-state conditions and negligible dispersion and
transient storage are relaxed (e.g., Runkel 2007).
The first-order assumptions associated with Eq. 2
stipulate that the areal denitrification rate and
concentration are linearly related to one another
according to a proportionality constant as specified by
the mass-transfer rate. However, nonlinear relations
have been recently observed between the areal
denitrification rate (and mass-transfer rate) and
water-column nitrate concentration for a variety of
stream environments, based on the field data exam-
ined in this study (Mulholland et al. 2008, 2009;
Bo¨hlke et al. 2008). Therefore, as described below,
we estimate regression-based expressions of the
reaction rate constant k and benthic areal rate U as
a nonlinear function of nitrate concentration and
depth (or discharge), which are then used to simulate
nitrate removal in the stream transport model.
Case study watersheds for applying the nitrate
transport model
We apply the nitrate transport model (Eq. 1) to
streams in the 466-km2 Sugar Creek watershed in
Indiana and Illinois (upper Mississippi River Basin)
and those in a somewhat smaller watershed
(282 km2), that of the North Nashua River (hereafter
referenced as the Nashua River) in MA, a sub-
watershed of the Merrimack River (see Fig. 1).
Measures of stream hydrology in both watersheds
(i.e., discharge, water depth, and water velocity)
display a generally similar range of variability (e.g.,
median discharge ranges from 0.01 to 10 m3 s-1),
whereas the highly contrasting levels of nitrate
enrichment (nitrate loadings and stream concentra-
tions) of the two watersheds reflect large differences
in land use and population density (e.g., median
predicted nitrate concentrations range from 60 to
1,000 and \20 lmol N l-1 for Sugar Creek and the
Nashua River, respectively). The Sugar Creek
watershed is predominantly agricultural fields with
row crops covering more than 90% of the drainage
area, whereas the Nashua watershed is predominantly
forested (*60%), with a relatively high population
density in moderately urbanized areas (*20% of the
drainage area). Agricultural fields in the Sugar Creek
watershed are artificially drained (i.e., tile drainage),
and many headwater streams have been channelized
(i.e., deepened and straightened). Stream topology is
defined for the catchments of these watersheds
according to the 1:100,000-scale national hydrogra-
phy data (NHD) river network (USGS 2000), which
includes 104 stream reaches in Sugar Creek
watershed and 174 reaches in the Nashua River
watershed; the reaches are defined as segments
extending between tributary junctions. Comparisons
of the Horton-Strahler stream classification for NHD
with that for more finely resolved 1:24,000-scale
streams (e.g., Andrews et al. 2002) suggest that NHD
headwater streams would be generally classified as
second-order streams at the finer scale, and may
include many streams with intermittent discharge.
Note that the Nashua River network contains nearly
25 lakes; we modeled these as streams using the
thalweg NHD trace reaches and their associated reach
properties (e.g., discharge, depth) in the model
simulations.
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Field denitrification data and regression models
We selected three studies from the literature with
sufficient data to develop regression-based estimates
of the effects of denitrification on stream nitrate
removal as a function of hydrological and biogeo-
chemical rate-controlling properties. The regression
equations are used to estimate the denitrification
reaction rate constant k in the transport simulation
model (Eq. 1). Despite numerous studies of stream
denitrification reported in the literature (e.g., see
reviews by Pina-Ochoa and Alvarez-Cobelas 2006;
Birgand et al. 2007), those selected for use in our
modeling simulations are among the few studies
that quantify denitrification effects on nitrogen
removal at the reach scale, based on the use of
ancillary chemical tracers and/or hydrological and
chemical monitoring data (e.g., water time of travel,
discharge). The selected studies also have a compre-
hensive set of field and laboratory measurements
(Table 1), including areal denitrification and/or reac-
tion rate constants, and measurements of discharge,
water velocity, depth, and stream nitrate concentra-
tion (see Fig. 2). Other rate-controlling variables,
such as organic matter and sediment grain size, were
determined in these studies and were previously
reported as partially explaining variability in the rates
of nitrate removal (Royer et al. 2004; Smith et al.
2006; Opdyke et al. 2006; Opdyke and David 2007;
Mulholland et al. 2008, 2009); however, these
properties were excluded from the analysis here
because they are difficult to estimate for all streams in
the river networks of the Sugar Creek and Nashua
watersheds. Moreover, we are interested in evaluating
the effects of stream properties that can be more
readily generalized for watersheds and the NHD river
network. The field measurements reflect within-
channel processes and do not include the effects of
floodplains and backwater areas that can become
important during high flows (e.g., Richardson et al.
2004).
The LINX (Lotic Intersite Nitrogen experiment;
Mulholland et al. 2008) reach-scale measurements
include in situ denitrification reaction rate constants
(per unit time) derived from 15N isotopic tracer
studies (Mulholland et al. 2008, 2009), based on
spring or summer measurements from 49 streams
within 8 biomes of the United States, sampled once
during 2003–2006 (n = 49). Measurements of total
nitrogen assimilation available from the LINX studies
(Mulholland et al. 2009; Hall et al. 2009) are not
evaluated in this analysis.
The US Geological Survey data (USGS) (Smith
et al. 2006; Bo¨hlke et al. 2008) include measurements
of denitrification in sediment cores in stream reaches
in the Iroquois River and Sugar Creek watersheds in
Illinois and Indiana (1st through 4th order streams),
based on repeated sampling over a range of discharge




























Fig. 1 Locations of the
case study watersheds,
Sugar Creek, Illinois and
the North Nashua River,
MA
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conditions during five sampling events from 1999 to
2001. The sampling includes 170 laboratory denitri-
fication measurements of intact sediment cores (areal
rate measures) with associated stream cross-section
measurements of concentration and hydraulics, and
28 cross-sectional averaged measurements of reaction
rate constants (units of time-1) based on the sediment
core data; specific discharge (product of water
velocity and depth) associated with individual sedi-
ment cores is used to compute weighted cross-section
averages.
The ODR (Opdyke-David-Royer) denitrification
measurements (Royer et al. 2004; Opdyke et al. 2006;
Opdyke and David 2007) are from four headwater
and second-order agricultural streams in Illinois.
Denitrification measurements (n = 117) are from
the application of acetylene inhibition techniques to
laboratory sub-samples of benthic sediment core
composites extracted from the streams seasonally
from 2001 to 2005 and incubated at stream
temperatures in the laboratory. The laboratory data
are associated with reach-scale measurements of
discharge, water depth and velocity, and nitrate
concentration. Stream water temperatures ranged
from average lows in February of 2.8C to average
summer highs of 19.3C., with average spring and
fall temperatures of 10.9C.
Using these literature data, we estimated a total of
five regression models that describe the denitrifica-
tion rates as a function of water discharge or depth,
stream nitrate concentration, and temperature-related
seasonality. The models include three regression
equations for the reaction rate constant k (one from
each field study; LINX, USGS and ODR based on
Eq. 3), and two regression equations for the benthic
areal rate U (USGS and ODR studies only based on
Eq. 4) as determined from laboratory measurements
of sediment cores. Regressions were estimated for
both k and U to allow comparisons of the results from
the transport model simulations that are specific to
Table 1 Statistical summary of denitrification measurements from selected field datasets
Experimental field data and propertya Percentiles of the observations
Minimum 10th 25th Median 75th 90th Maximum
USGS (n = 28 cross-section; n = 170 individual)
Discharge (m3 s-1) 0.029 0.043 0.121 0.564 1.25 13.23 19.51
Water depth (m) 0.056 0.105 0.108 0.252 0.493 1.32 2.12
Nitrate concentration (lmol N l-1) 15 23 46 102 737 931 961
Reaction rate constant (k; day-1) \0.001 0.009 0.044 0.160 0.580 1.11 4.04
Mass-transfer rate (Vf; m day
-1) \0.001 0.008 0.019 0.044 0.085 0.143 0.673
Benthic areal rate (U; lmol N m2 h-1) 4 55 102 231 544 1,125 4,371
LINX (n = 49)
Discharge (m3 s-1) 0.001 0.003 0.005 0.013 0.049 0.112 0.189
Water depth (m) 0.016 0.040 0.072 0.108 0.188 0.266 1.122
Nitrate concentration (lmol N l-1) \1 0.7 4 13 37 86 1,512
Reaction rate constant (k; day-1) 0.034 0.106 0.178 0.533 1.54 3.71 117
Mass-transfer rate (Vf; m day
-1) 0.002 0.012 0.026 0.068 0.166 0.372 12.74
Benthic areal rate (U; lmol N m2 h-1) \1 4 13 42 135 239 655
ODR (n = 117)
Discharge (m3 s-1) 0.005 0.025 0.066 0.214 0.668 1.04 1.70
Water depth (m) 0.140 0.197 0.345 0.470 0.660 0.819 1.31
Nitrate concentration (lmol N l-1) 9 89 311 529 720 824 1,011
Reaction rate constant (k; day-1) \0.001 0.001 0.005 0.034 0.087 0.300 8.39
Mass-transfer rate (Vf; m day
-1) \0.001 \0.001 0.002 0.016 0.044 0.113 1.51
Benthic areal rate (U; lmol N m2 h-1) 2 9 32 228 857 1,660 5,108
a The field datasets include USGS (Smith et al. 2006; Bo¨hlke et al. 2008), LINX (Mulholland et al. 2008, 2009), ODR (Royer et al.
2004; Opdyke et al. 2006; Opdyke and David 2007). Definitions for the denitrification rate symbols are presented in Eq. 2
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the denitrification rates that were most directly
measured in the field studies. For the ODR data set,
a continuous seasonal variable is included to describe
temperature-related effects on denitrification that
were previously reported (Opdyke and David 2007);
these effects have not been reported in the other
studies, where measurements are typically restricted
to the warmer periods of the year.
The most fully specified form of the reaction rate
constant regressions (applied to the LINX, USGS
and ODR data) estimates km for the mth field
observation as a function of the water-column nitrate
concentration, Cm, the hydrological condition, Hm
[characterized by either the mean discharge (Qm) or
mean water depth (dm)], and seasonal temperature-
related variability (ODR model only) as described by
trigonometric functions of decimal time (T), such
that
km ¼ b0Cb1m Hb2m sinð2pTmÞ½ b3 cosð2pTmÞ½ b4em ð3Þ
where b1,…,b4 are estimated dimensionless coeffi-
cients, b0 is an estimated model intercept with units
of the reaction rate constant, and em is the model
error. The trigonometric functions provide an indirect
measure of the water temperature-related effects for
the ODR field data.
The most fully specified form of the benthic areal
denitrification rate regressions (applied to the USGS
and ODR data only) is described according to



















are estimated dimensionless coeffi-
cients for the areal rate model, b0
0
is an estimated
model intercept with units of the benthic areal
denitrification rate, and e
0
m
is the error of the areal
rate model. We calculate the corresponding reaction





The model coefficients in Eqs. (3, 4) are estimated
by log-linear regression, based on natural log trans-
formations of the response and explanatory variables.
The model errors are assumed to be independently
and identically distributed as a normal random
variable with mean zero and standard deviation r;




















































































Fig. 2 Observed measures
of the reaction rate constant
k for the separate field data
sets, plotted as a function of
a nitrate concentration, b
discharge, and c water
depth. The field datasets
include USGS (Smith et al.
2006; Bo¨hlke et al. 2008),
LINX (Mulholland et al.
2008, 2009), ODR (Royer
et al. 2004; Opdyke et al.
2006; Opdyke and David
2007). The slope of the line
in (c) is expected for a
constant mass-transfer rate,
Vf
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assumptions. Predictions of the mean reaction rate
constant or benthic areal rate, based on values of the
explanatory variables in the model application to the
river networks of the two watersheds (Appendix
‘‘Predicting reaction rate constants for Sugar Creek
and Nashua streams’’), are re-transformed via expo-
nentiation to original units and corrected for log re-
transformation bias using Ferguson or Smearing type
(Cohn et al. 1992) correction factors [Eqs. A1–A3].
This correction adjusts for the intrinsic negative bias
in re-transformed predictions from log-linear func-
tions (Cohn et al. 1992)—i.e., uncorrected predictions
reflect the median rather than the mean response
conditioned on the values of the explanatory factors.
Correction for re-transformation bias in the experi-
mental models evaluated here shifts the uncorrected
predicted values of the reaction rate constant upward
by a factor of 1.14–3.0. The size of the correction
factor is generally dependent upon the magnitude of
the variance in regression model.
Application of the nitrate transport model to the
river networks
The stream nitrate transport model is applied to the
two watersheds using hydrological and chemical data
for each stream reach by sequentially executing Eq. 1
in hydrological downstream order, beginning with the
smallest first-order streams and proceeding to the
largest fourth-order streams. The simulations include
separate model executions for each of the three field
data sets (LINX, USGS and ODR) using parameters
from the three reaction rate constant regression
equations (in ‘‘Predicting reaction rate constants for
Sugar Creek and Nashua streams’’ of the Appendix).
We also ran model simulations and evaluated the
results using parameters from the two benthic areal
rate regression equations (USGS and ODR studies
only), which were converted to reaction rate con-
stants (Eq. A3) for use in the transport model. The
model simulation results using the benthic areal rate
equations are generally similar to those based on the
reaction rate constant equations. Thus, to simplify
the presentation, we only report the final results for
the model predictions of reach-level nitrate removal
based on parameters from the reaction rate constant
regressions (Eq. A1). The simulations were executed
for 20 years of estimated monthly data for the Sugar
Creek watershed, consisting of 240 monthly values of
lateral nitrate loadings and hydraulic properties, and
for 7 years for the Nashua watershed, consisting of 84
monthly values (see ‘‘Stream hydrological estimates’’
and ‘‘Lateral loadings of nitrate to streams’’ in the
Appendix for further details).
We report monthly reach-level predictions of
nitrate removal by denitrification from the transport
model, expressed as the fraction (%) of in-stream
nitrate flux removed per length (kilometer) of stream
channel (Eq. A9; see ‘‘Stream nitrate removal met-
rics’’ of the Appendix). This calculation is based on
predictions of in-stream nitrate flux and nitrate
removal during transit through fixed reaches as
defined by the NHD river network. We also report
the monthly mass of the in-stream nitrate flux
removed per length (meter) of stream channel
(Eq. A10). The simulations are also executed for
annual hydrological and biogeochemical conditions
(e.g., mean annual discharge, velocity, depth and
nitrate lateral loadings) to provide parallel predictions
of the mean annual nitrate removal in streams for
comparison with the monthly predictions of nitrate
removal. Model predictions of the annual in-stream
nitrate removal based on annual data are generally
similar to those based on aggregated monthly
predictions.
We evaluate the separate hydrological and bio-
geochemical effects on denitrification and nitrate
removal in streams through sensitivity evaluations of
the modeled response of the fraction of in-stream
nitrate flux removed per kilometer of channel to
changes in these factors (Table 2). We evaluate the
response of the monthly nitrate removal fraction to
0.1, 0.5, 2 and 10-fold changes in streamflow and
nitrate lateral loading (Table 2). Our assessment of
the biogeochemical factors examines the response of
the nitrate removal fraction to changes in the nitrate
lateral loadings to streams while holding discharge
and related properties (water depth, velocity) con-
stant. This simulates changes in nitrate loadings and
in-stream concentrations in response to changes in the
supply of nitrate to watersheds. For each monthly
realization, we assume a constant nitrate concentra-
tion in the lateral loadings (runoff and ground-water
discharge) to the reaches throughout a given
watershed. Our assessment of the hydrological factors
evaluates the effect of changes in discharge and
associated hydraulic properties (velocity, depth)
while holding the nitrate concentration of the lateral
98 Biogeochemistry (2009) 93:91–116
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loadings constant for all realizations. We also sim-
ulate the separate effects of water velocity and water
depth on nitrate removal. Our evaluation of the
response of the nitrate removal fraction over an
order-of-magnitude change in nitrate loadings and
discharge generally covers the range of seasonal and
spatial variability in these properties in the river
networks of the case study watersheds.
Results and discussion
Field denitrification data and regression models
The estimates of nitrate removal by denitrification
from the three field studies (Table 1) are given as
reaction rate constants (k), benthic areal rates (U),
and mass-transfer rates (Vf). Each of the rates ranges
over at least three orders of magnitude, although most
observations (10th–90th percentiles) span about two
orders of magnitude. The rate constants (k) are
generally highest for the LINX data, which are
mostly from streams with relatively low nitrate
concentration. Despite general similarities in the
range of the USGS and ODR U values and nitrate
concentrations, USGS values of k and Vf are higher
than those for the ODR data by more than a factor of
two, owing to the more frequently sampled higher
nitrate concentrations at the ODR stream sites
(Table 1; Eq. 2). The USGS data have the broadest
coverage of discharge regimes; the interquartile range
extends from 0.12 to 1.25 m3 s-1, which is twice as
large as that for the ODR values and more than a
factor of 25 higher than that for the LINX
observations.
Measures of the regression model fit and statistical
significance of the regression parameters (Table 3)
indicate that the benthic areal rates and the reaction
rate constants are correlated (Fig. 2) with nitrate
concentration, measures of hydrology (discharge,
water depth), and temperature-related seasonality
(ODR model only). The estimated regression param-
eters (Table 3) have similar features to those
previously reported (Smith et al. 2006; Opdyke and
David 2007; Mulholland et al. 2008, 2009; Bo¨hlke
et al. 2008). Note that the reaction rate constants of
the regressions are correlated with nitrate concentra-
tion and water depth, based on their calculation
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mass-transfer rates (LINX); however, the regressions
have utility for quantifying the functional dependence
of k on these rate-controlling variables in the river
network model simulations (also, as noted in the
methods section, the different denitrification rate
expressions of k and U gave generally similar
predictions of the nitrate removal fractions in the
transport model simulations).
The reported measures of regression model accu-
racy include R2 and RMSE (Root Mean Square Error;
Table 3), and the relative accuracy of the predictions
of k (or U) expressed by 95% prediction intervals
(Table 4); note that these metrics can be compared
only among models with the same response variable.
The 95% prediction intervals include uncertainties in
the regression coefficients and the residual variance
Table 3 Results of the regressions of denitrification rates as a function of stream nitrate concentration, hydrological condition, and
temperature-related seasonality for the field datasets




















Nitrate concentration (lmol l-1) [b1]
Mean 0.645 -0.524 -0.478 0.340 -0.786
Standard error 0.054 0.076 0.092 0.249 0.226
P value \0.001 \0.001 \0.001 0.174 0.001
Hydrology (discharge or depth) [b2] Discharge (m
3 s-1) Depth (m) Depth (m) Discharge (m3 s-1) Depth (m)
Mean -0.095 -1.097 -0.612 0.038 -0.309
Standard error 0.041 0.122 0.221 0.166 0.325
P value 0.022 \0.001 0.008 0.819 0.343
Season, sine of decimal time [b3]
Mean N.A. N.A. N.A. -0.885 -0.883
Standard error N.A. N.A. N.A. 0.330 0.300
P value N.A. N.A. N.A. 0.008 0.004
Season, cosine of decimal time [b4]
Mean N.A. N.A. N.A. -0.732 -0.691
Standard error N.A. N.A. N.A. 0.242 0.229
P value N.A. N.A. N.A. 0.003 0.003
Intercept [b0]
Mean (natural log of the
denitrification rate units)
2.211 -0.785 -0.582 2.757 0.336
Standard error 0.301 0.464 0.540 1.668 1.516
P value \0.001 0.103 0.286 0.101 0.825
Model statistics:
Number of observations 170 28 49 117 117
RMSE (root mean square error) 0.836 0.508 1.308 1.825 1.741
R2 0.495 0.878 0.409 0.122 0.394
Log re-transform bias correction factor 1.32 1.14 1.90 3.28 2.99
a The field datasets include USGS (Smith et al. 2006; Bo¨hlke et al. 2008), LINX (Mulholland et al. 2008, 2009), ODR (Royer et al.
2004; Opdyke et al. 2006; Opdyke and David 2007); N.A. = not applicable
b The regression for response variable k is based on Eq. 3; the regression for response variable U is based on Eq. 4
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of the model, and would be expected to contain 95%
of the observed data if the model assumptions are
valid (all of the models generally satisfied the
assumptions of normality and constant variance).
The percentiles of the 95% prediction interval values
(Table 4) indicate the relative accuracy of the
predictions of k (or U) over their range along the
regression line; low 95% prediction interval values
(e.g., minimum, 10th percentile) generally describe
errors in predictions of k (or U) in the vicinity of the
mean, whereas high 95% prediction interval values
(90th percentile, maximum) generally describe errors
in predictions of k (or U) closer to the tails of the
regression line. The prediction accuracies in the
vicinity of the mean predictions of k, based on the
minimum of the distributions (Table 4), indicate that
the errors range from a low of 43% for the USGS
model to a high of 100% for the ODR model. The
relative errors of the LINX model predictions are
about 60–80% higher than those of the USGS model,
whereas those of the ODR model are about 100–
130% higher than those of the USGS model.
All of the regression models are consistent in
indicating that the benthic areal rates and reaction rate
constants vary nonlinearly with nitrate concentration,
although the magnitude and statistical significance of
the concentration-related response differs somewhat
among the models (Table 3). Concentration is only
significant in the ODR regression models if the
temperature-related seasonal terms are included.
Concentration coefficients in the benthic areal rate
regression models are less than 1 (and less than 0 in the
reaction rate models), the expected values according to
first-order kinetics. This indicates that nitrate removal
from the water column by denitrification becomes less
efficient with increases in concentration, a pattern that
is suggestive of the effects of concentration saturation
kinetics. Both areal rate regression models (USGS,
ODR) indicate a less than proportional increase in the
absolute quantities of nitrate mass removal with
increasing concentration, which is consistent with a
decrease in the reaction rate constant and mass-
transfer rate (Eq. 2) with increasing concentration
(Table 3; Fig. 2a). Prior evaluations of the experi-
mental data (Mulholland et al. 2009; Bo¨hlke et al.
2008) do not provide conclusive evidence about
whether the denitrification response to concentration
is similar in form to Michaelis–Menten saturation
kinetics. The Michaelis–Menten function provides a
somewhat poorer statistical description of the spatial
variability in the LINX denitrification and concentra-
tion measurements in comparison to that for a log-
linear power function (Mulholland et al. 2009) as used
in our study, whereas these two functional relations
provide a generally similar statistical fit to the seasonal
and discharge-related variation in USGS measure-
ments (Bo¨hlke et al. 2008).
The magnitude of the decline in the reaction rate
constants with increasing nitrate concentrations
(Fig. 2a) is generally consistent among the different
Table 4 Statistical measures of the relative accuracy of the predictions of the reaction rate constant k and benthic areal rate U, based
on regression models for the field datasets
Field denitrification regression modela Percentiles of the 95% prediction interval valuesb (95% prediction intervals expressed as
a percentage of the predicted mean rate corresponding to the interval)
Minimum 10th 25th Median 75th 90th Maximum
USGS
Benthic areal rate (U; n = 170) 26 30 37 41 47 58 67
Reaction rate constant (k; n = 28) 43 49 56 68 84 87 99
LINX reaction rate constant (k; n = 49) 77 80 91 117 144 231 364
ODR (n = 117)
Benthic areal rate (U) 112 122 134 150 171 209 416
Reaction rate constant (k) 100 112 127 141 157 179 603
a The field datasets include USGS (Smith et al. 2006; Bo¨hlke et al. 2008), LINX (Mulholland et al. 2008, 2009), ODR (Royer et al.
2004; Opdyke et al. 2006; Opdyke and David 2007)
b The 95% prediction interval would be expected to contain 95% of the observed data
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field data sets over several orders of magnitude in
concentration, from the less nitrate-enriched streams
measured at many LINX sites to the highly nitrate-
enriched agricultural streams measured at the USGS
and ODR sites (Table 3). Sensitivity analyses
(Table 5) further indicate that the response of k to
order-of-magnitude changes in concentration, holding
the other variables constant, is most similar for the
USGS and LINX data (e.g., factor of 3- to 4-fold
increase in k for a 10-fold decrease in concentration),
whereas the ODR response is much larger (e.g., 6-
fold increase in k). The ODR model also displays a
large seasonal temperature-related response corre-
sponding to a 9-fold change in k during the year. The
order-of-magnitude changes in nitrate concentration
in the sensitivity analyses correspond approximately
to the magnitude of the predicted changes in
concentration in the case study streams evaluated in
the model simulations.
The regression models (Table 3) indicate an inverse
response of the reaction rate constant (and benthic
areal rate) to stream discharge and water depth,
independent of nitrate concentration, although the
level of statistical significance varies among the
models. The hydrological variables are generally more
weakly correlated with the reaction rate constant than
is nitrate concentration in all of the models. The use of
stream discharge or water depth as an explanatory
variable reflects coefficient significance and a desire
for consistency among models with similar response
variables. The sensitivity results (Table 5) indicate
that the USGS predictions of k are the most sensitive
(i.e., 12-fold change) to 10-fold changes in water
depth, whereas ODR predictions of k are the least
sensitive (i.e., 2-fold change). The influence of water
depth in the models of k is related in part to its depth-
dependent calculation, whereas the areal denitrifica-
tion rate models (USGS, ODR; Table 3) may
generally provide a more independent evaluation of
biogeochemical effects on denitrification (see Bo¨hlke
et al. 2008). The predicted response of the benthic
areal rates is generally consistent with the effects of
discharge on denitrification, related to water and
nitrate contact with benthic sediments in hyporheic
zones (Peterson et al. 2001; Boyer et al. 2006;
Mulholland et al. 2009).
Finally, it is important to recognize that spatial and
temporal differences in the stream sampling charac-
teristics and measurements of the separate field
studies may impose some limits on our ability to
fully explain differences in the nitrate concentration
and water depth coefficients among the various
regression models (Table 3). Ambiguities may arise
from site-specific differences in the effects of the
underlying nitrate concentration and discharge rela-
tions on denitrification, effects that may vary between
sampling sites and between the different field data
sets. For example, changes in denitrification and
concentration with discharge in the USGS data
primarily reflect temporal differences at relatively
few sites with relatively uniform land use, whereas
the LINX data reflect site-to-site differences across
Table 5 Sensitivity of the model predictions of the reaction rate constant k to changes in the explanatory variables of the regression
models for the field datasets
Field reaction rate constant (k) regression
modela
Reaction rate constant ratiob (predicted k for changed variable/predicted k for baseline)
Nitrate Concentration Water Depth Temperature-related seasonality.
Maximum
annual change (Feb. to July)0.1x 0.5x 2x 10x 0.1x 0.5x 2x 10x
USGS 3.8 1.5 0.67 0.26 12.0 2.1 0.47 0.08 –
LINX 3.0 1.4 0.72 0.33 4.1 1.5 0.65 0.24 –
ODR 6.1 1.7 0.58 0.16 2.0 1.2 0.81 0.49 9.4
a The field datasets include USGS (Smith et al. 2006; Bo¨hlke et al. 2008), LINX (Mulholland et al. 2008, 2009), ODR (Royer et al.
2004; Opdyke et al. 2006; Opdyke and David 2007)
b The predicted response of the reaction rate constant is for a halving/doubling and an order-of-magnitude decrease/increase in the
nitrate concentration and water depth variables, holding the other variables constant. The ODR model also includes an assessment of
the reaction rate constant response to the maximum annual change caused by temperature-related seasonal variability. The baseline
reaction rate constant predictions correspond to a nitrate concentration, streamflow, and water depth of 500 lmol l-1, 0.1 m3 s-1 and
0.105 m, respectively; note that the ratio values are insensitive to the choice of the baseline conditions
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varied land uses that could be associated with other
properties that control the rates of denitrification.
Application of the nitrate-transport model
to Sugar Creek and Nashua watersheds
We present the simulation results from the nitrate
transport model (Eq. 1) in four sections. The first
section describes the discharge values and nitrate
loadings used as inputs to the model; we also present
the model predictions of water-column nitrate con-
centrations for the river networks. The second section
presents model predictions of the relative stream
nitrate removal per unit channel length (Eq. A9) and
the analyses of the sensitivity of the model predic-
tions of nitrate removal to changes in hydrological
and biogeochemical factors. The third section
presents model predictions of the mass nitrate
removal per unit channel length (Eq. A10). A final
section discusses the implications of the predictions
of stream nitrate removal for the downstream fate of
nitrate in river networks.
Nitrate loading to streams, discharge and predicted
nitrate concentration
Monthly variations in nitrate concentrations and yield
show seasonal patterns that are strongly related to
intra-annual variability in discharge (Fig. 3). The
monthly values of nitrate yield (kg km-2 year-1) are
used as lateral loadings in the model simulations for
each of the reaches in the case study river networks
and are based on monitoring records at a nearby site
on Sugar Creek (downstream gage) and the Stillwater
River (adjacent to the Nashua watershed; see
‘‘Lateral loadings of nitrate to streams’’ of the
Appendix). The highest yields generally occur during
the high-discharge periods of the year, extending
from February to June, whereas the lowest yields
occur from July to October. The 10th and 90th
percentiles reveal considerable variation over the
periods of 1982–2001 (Sugar Creek) and 1995–2001
(Stillwater River), which are reflected in the lateral
nitrate loadings used in the river network simulations.









































































































































































































(a) Sugar Creek at Milford, Illinois







































Fig. 3 Monthly discharge, nitrate concentration, and nitrate
yield for monitoring stations used to derive the lateral nitrate
loadings to streams for Sugar Creek at Milford, Illinois and
Stillwater River near Sterling, MA. Intervals on the graphs
display the median and the 10th and 90th percentiles for
monthly values during the period 1982–2001 at Sugar Creek
and 1995–2001 for Stillwater River
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concentration-discharge relation with a large dis-
charge exponent that reflects the underlying
importance of diffuse agricultural sources of nitrate
and the effects of artificial subsurface drainage in the
catchment. The nitrate concentrations in the Stillwa-
ter River are less strongly correlated with discharge,
reflecting the combined contributions of diffuse and
municipal wastewater sources in the basin. Nitrate
concentrations are also substantially lower in the
Stillwater River than in Sugar Creek.
The discharge values and predicted nitrate con-
centrations in the river network simulations show
similar seasonal and spatial patterns over the range of
stream sizes in the Sugar Creek and Nashua water-
sheds (Fig. 4). The discharge values for the two
watersheds also span a similar range across the
different stream sizes (note that total runoff in the
Sugar Creek modeled watershed is about 60% of that
in the Nashua watershed related to Sugar Creek’s
larger drainage area). By contrast, the stream nitrate
concentrations (based on predictions from the LINX
regression parameters; Fig. 4) differ by one to more
than two orders of magnitude between the two
watersheds. The nitrate concentrations in each of
the watersheds display appreciable seasonal
variation, from a factor of four to more than an order
of magnitude. The relative seasonal variations in
predicted nitrate concentrations from simulations
based on USGS and ODR regression parameters are
generally larger than those shown in Fig. 4 based on
the LINX regression parameters. Predicted nitrate
concentrations also show stream-size related differ-
ences that vary by season (Fig. 4). The stream-size
related differences in concentrations reflect seasonal
differences in the rates of nitrate removal in head-
water and other low-order streams that govern the
nitrate mass delivery to downstream higher order
streams (see following sections).
Relative nitrate removal by denitrification in streams
We describe both temporal (seasonal) and spatial
(stream-size related) patterns in simulated stream
nitrate removal by denitrification in the river net-
works (Fig. 5). As shown in Fig. 5, we express nitrate
removal by denitrification according to monthly and
annual median values of the fraction (%) of the in-
stream nitrate flux removed per kilometer of stream
channel in each of four stream orders. The nitrate












































































































































































Fig. 4 Median discharge
and nitrate concentration in
streams of the Sugar Creek
and Nashua River networks.
Nitrate concentrations are
predicted based on the
application of the LINX
field data (Mulholland et al.
2008, 2009) in the river
network simulation model
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space and time between the two watersheds and
among the various transport models based on differ-
ent regression parameters, despite differences in the
sampling and measurement techniques used by the
investigators and the spatial and temporal properties
of the measurements. These patterns reflect general
similarities in the estimated coefficients among the
different regression equations (Table 3). The patterns
are consistent with the nonlinear inverse relation of
the reaction rate constant to water-column nitrate
concentration and discharge, and the reciprocal
effects of water velocity on the fraction of nitrate
removed that are accounted for in the river network
model. The spatial and temporal patterns in the
relative removal rates are also generally similar to
those predicted for the reaction rate constant k
(Eq. 3), the fraction of the nitrate mass removed per




































































































































































































































































































































































Fig. 5 Median percentage
of the in-stream nitrate flux
removed per kilometer of
channel in streams of the
Sugar Creek and Nashua
River watersheds by
strahler stream order,
reported for the reaction
rate constant regressions for
the field datasets: a LINX, b
USGS, and c ODR. The
field datasets include USGS
(Smith et al. 2006; Bo¨hlke
et al. 2008), LINX
(Mulholland et al. 2008,
2009), ODR (Royer et al.
2004; Opdyke et al. 2006;
Opdyke and David 2007).
The ‘‘annual’’ median
percentages removed are





velocity, depth, and nitrate
lateral loadings to streams)
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Overall, we find that in-stream nitrate removal by
denitrification becomes appreciably less efficient
during months when nitrate concentrations and dis-
charges are high. This result is indicated by the large
seasonal variations in the monthly nitrate removal
percentages (Fig. 5) that span more than an order of
magnitude in both the Sugar Creek and Nashua
watersheds. The median nitrate removal percentages
per kilometer of channel are relatively low (\1–
20% km-1 of the monthly stream nitrate flux) during
months of high discharge and nitrate concentration
(February to June), whereas higher nitrate removal
(typically from 30 to 70% km-1) is predicted during
months of low discharge and concentration (August to
November). The smallest range of seasonal variation
in the % of nitrate removed per kilometer of channel is
predicted by the LINX model (Fig. 5a), whereas the
ODR predictions display the largest seasonal varia-
tions (Fig. 5c); these results are consistent with
differences in their respective regression models as
highlighted in the sensitivity analyses (Table 5). In
addition, we find that the annual nitrate removal
percentages—the % of the annual nitrate mass
removed when simulated on the basis of mean annual
measures of discharge, water velocity, and nitrate
concentration and lateral loading to streams—is
generally similar to the monthly removal percentages
predicted for the high-discharge and concentration
months (February–June), a pattern that is related to the
discharge-weighted nature of the annual predictions.
In contrast to the order-of-magnitude seasonal
variability in the monthly nitrate removal percent-
ages, we find that stream-size related differences in
these percentages (Fig. 5) are much smaller, typically
differing by less than 20% units from first-order to
fourth-order streams (only the ODR predictions for
low flow months in the Nashua watershed are larger
than this). Seasonal differences are also evident in the
nitrate removal percentages by stream-size. During
the high-discharge months (February–June), the
nitrate removal percentages consistently decline in
magnitude from headwater streams to higher order
streams in both watersheds, although the overall
change is substantially less than 10% units. During
the low-discharge months, the removal percentages
do not display any consistent pattern of change in a
downstream direction.
The large seasonal variations in the nitrate removal
percentages (Fig. 5), compared to the stream-size
related variations, are driven by synergistic monthly
changes in the hydrological and biogeochemical
properties that influence denitrification, including
discharge, water depth and velocity, nitrate loading
to streams, and water-column nitrate concentration.
For example, the low nitrate removal percentages
predicted during the high-discharge months are
explained by the effects of large nitrate loadings,
concentrations, water depth, and water velocities (and
short water travel times). In contrast to the seasonal
variations, the smaller stream-size related variations
are explained by the countervailing or moderating
downstream effects on nitrate removal percentages of
declining nitrate concentrations and increasing dis-
charge, water depth, and velocity (and decreasing
reciprocal velocity or water time of travel). The
declines in nitrate concentrations in a downstream
direction are related to the cumulative effects of the
sequential removal of nitrate in upstream reaches.
Predictions of seasonal differences in the stream-size
related variations in nitrate removal percentages
(Fig. 5) reflect seasonal changes in the relative
importance of the downstream effects of discharge
on water velocity and depth vs. the effects of nitrate
loadings on in-stream nitrate removal and nitrate
concentrations. Overall, the seasonal and spatial
patterns in the nitrate removal percentages are
generally consistent with those from recent field
and modeling studies of seasonal and discharge-
related variability in stream nitrate removal (Royer
et al. 2004; Smith et al. 2006; Wollheim et al. 2008b;
Bo¨hlke et al. 2008).
Differences between the two watersheds in the
monthly percentages of nitrate removed per unit
channel length (Fig. 5) reveal the importance of
biogeochemical factors (including anthropogenic
nitrate loadings, land use, and in-stream concentra-
tions) as a major control on reach-scale denitrification
and in-stream nitrate removal, as evidenced by the
disproportionately lower nitrate removal efficiency in
the nitrate-enriched Sugar Creek watershed as com-
pared with that in similar months and stream sizes in
the less enriched Nashua watershed. The nitrate
removal efficiency is substantially lower during the
high-discharge months (February–June) in the Sugar
Creek watershed than predicted for the Nashua
watershed during these months; generally smaller
differences are predicted in the removal efficiencies
of the two watersheds during months with relatively
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low discharge (August–November). During the high-
discharge months, the nitrate removal percentages in
the Sugar Creek watershed are less than 20% of those
in the Nashua watershed, based on the USGS
regression parameters (Fig. 5b)—e.g., the Nashua
percentages for May range from 2 to 16% km-1 in
the four stream-size classes, whereas comparable
Sugar Creek percentages are \1% km-1. By com-
parison, the nitrate removal percentages in the low-
discharge months in the Sugar Creek watershed are
typically no smaller than a third of those in the
Nashua watershed (Fig. 5b)—e.g., the Sugar Creek
removal percentages for September range from 26 to
36% km-1 in the four stream-size classes, whereas
comparable Nashua percentages range from 34 to
61% km-1. The magnitude of the differences in
nitrate removal efficiency between the two water-
sheds is even more pronounced for the ODR
predictions of the nitrate removal percentages
(Fig. 5c). This result reflects the higher sensitivity
of the ODR regression model to changes in biogeo-
chemical factors (loadings, concentrations) and lower
sensitivity to hydrological factors (water depth,
discharge) compared to that for the other regression
models (Table 5). We also find that the annual nitrate
removal percentages for all of the field data sets
(Fig. 5) follow the same patterns as those during the
high-discharge months. Overall, our findings of a
reduced capacity of streams to remove nitrate by
denitrification in response to elevated nitrate loadings
are generally consistent with recent results from a
dynamic model of the Ipswich River network (Woll-
heim et al. 2008b) and a steady-state model of spring/
summer conditions in a Tennessee stream network
based on the LINX data (Mulholland et al. 2008).
Evaluations of the sensitivity of the monthly
nitrate removal percentages per kilometer to multi-
plicative changes in discharge and nitrate loadings
and their effects on related stream properties (e.g.,
water velocity, nitrate concentration; Table 2; Fig. 6)
provide insight into the relative importance of
hydrological and biogeochemical factors on nitrate
removal within the watershed streams (Fig. 5). Both
discharge and nitrate loadings to streams in the Sugar
Creek and Nashua river networks span approximately
a 10-fold range seasonally and spatially. Therefore,
the range of the multiplicative changes evaluated in
the sensitivity analyses is generally representative of
conditions in the case study watersheds. The
sensitivity results are reported only for headwater
streams in Fig. 6, but similar results were obtained
for higher order streams in the networks.
The sensitivity analyses (Fig. 6) confirm the impor-
tance of biogeochemical factors, represented by nitrate
loadings and stream concentrations, as major controls
on nitrate removal in the watershed streams. However,
the analyses also reveal the important role of hydro-
logical factors (discharge, velocity, depth), which
contribute nearly equally to seasonal and stream-size
related variations in the nitrate removal percentages in
the streams of each watershed, based on the USGS and
LINX results. The ODR results suggest that biogeo-
chemical factors (i.e., nitrate loadings) may play an
even greater role than hydrological factors in explain-
ing nitrate removal, consistent with the sensitivity
results for the regression relations (Table 5). We also
find that the magnitude of the change in the nitrate
removal percentages (in absolute % units; Fig. 6) in
response to changes in either biogeochemical or
hydrological factors is generally less in the nitrate-
enriched Sugar Creek streams, although the relative
changes in the removal percentages are generally
similar in both watersheds.
For Nashua streams, multiplicative changes in
nitrate loadings cause a substantially larger biogeo-
chemical response in stream nitrate removal than
similar changes in discharge and related hydrological
factors, according to the ODR results (Fig. 6c),
whereas the hydrological response is similar to the
biogeochemical response for the LINX and USGS
results (Fig. 6a, b). For example, doubling the nitrate
loadings lowers the % nitrate removal per kilometer
in Nashua streams during May by 30% (from 10 to
7% km-1) versus a 25% reduction in the removal
percentages in response to doubling the hydrological
factors, based on the LINX models (the comparable
relative reductions in the nitrate removal percentages
for the ODR results are about 40 versus 20%,
respectively). During the low-discharge months, the
biogeochemical and hydrological responses are also
similar to one another, based on the USGS and LINX
models (note that the relative response of the nitrate
removal percentages to changes in either biogeo-
chemical or hydrological factors during the low-
discharge months is slightly smaller than that during
the high-discharge months, whereas the response in
absolute % units per kilometer during the low-
discharge months is generally larger).
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For streams in the Sugar Creek watershed, the
results are similar; changes in nitrate loadings cause a
larger biogeochemical response in the nitrate removal
percentages according to the ODR results (Fig. 6c),
whereas the hydrological response is again similar to
the biogeochemical response for the USGS and LINX
results (Fig 6a, b). The greater importance of the
biogeochemical factors in explaining the ODR results
(Fig. 6c) is consistent with the large differences in the
ODR predictions of the nitrate removal percentages
between the two watersheds (Fig. 5c). On the basis of
the USGS results, doubling the discharge lowers the
nitrate removal percentages during high-discharge
months by about 32%, whereas doubling the nitrate
loadings results in a reduction in the removal
percentages by about 29%. We also find that water
depth is indicated as a more important hydrological













































































































































































































































































































































Fig. 6 Sensitivity of the
median percentage of in-
stream nitrate flux removed
per kilometer of channel in
headwater reaches of the
Sugar Creek and Nashua
River watersheds to
changes in the hydrological
and biochemical factors
affecting denitrification,
reported for the reaction
rate constant regressions for
the field datasets: a LINX, b
USGS and c ODR. The field
datasets include USGS
(Smith et al. 2006; Bo¨hlke
et al. 2008), LINX
(Mulholland et al. 2008,
2009), ODR (Royer et al.
2004; Opdyke et al. 2006;
Opdyke and David 2007).





changes in nitrate loadings,
whereas hydrological
effects reflect multiplicative
changes in discharge. The
‘‘base condition’’
simulations refer to the
median percentage nitrate
removal per kilometer for
first-order streams in Fig. 5.
Note that the sensitivity
results for headwater
streams are similar to those
predicted for larger second-
through fourth-order
streams
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removal percentages per kilometer to changes in
water velocity represents about 30% of the response
to hydrological factors, according to the USGS
results (about 40% for the LINX results), with water
depth accounting for the remainder of the response;
these results are similar for the Nashua watershed.
Statistical uncertainties in the reaction rate constant
regressions (Tables 3, 4) contribute to uncertainties in
the river network predictions of the monthly nitrate
removal percentages per kilometer (Fig. 5). We eval-
uated the magnitude of these uncertainties in Monte
Carlo analyses (N = 100) that account for model
coefficient and residual variance errors in the reaction
rate constant regression models; estimation uncertain-
ties in monthly discharge and nitrate loadings to
streams are generally small relative to those of the
regression models and were not included. We find that
the ratios of the standard deviation to the mean of the
monthly nitrate removal percentages from the Monte
Carlo simulations typically vary (i.e., interquartile
range) during high-discharge months from about 1.4–
1.5 (i.e., equivalent to a standard deviation of 140–
150% of the mean) in first-order streams and from
about 2.1–2.3 in fourth-order streams, based on the
LINX predictions. Comparable ratios for the USGS
predictions typically vary during high-discharge
months from about 0.64–0.71 (interquartile range) in
first-order streams and from about 1.2–1.4 in fourth-
order streams. During the low-discharge months, the
ratios vary from about 1.2–1.3 in first-order streams
and from about 1.8–2.3 in fourth-order streams for
LINX predictions (comparable USGS predictions are
0.45–0.53 and 0.85–1.1, respectively). Uncertainties
in the ODR predictions are larger than those in the
LINX predictions because of the much higher statis-
tical uncertainties for the ODR regression equations
(Tables 3, 4). The uncertainties of the various models
indicate generally greater statistical resolution of the
larger seasonal variations in the nitrate removal
percentages compared to that for the smaller stream-
size related differences.
Mass removal of nitrate by denitrification in streams
Whereas the monthly predictions of the percentage of
nitrate removed per unit channel length (Fig. 5) are
typically lower during periods and locations of high
nitrate flux, concentration and discharge, the predicted
absolute quantities of nitrate mass removed per unit of
channel length are among the largest for the same
periods, locations, and nitrate conditions. For example,
the median quantities of nitrate mass removal per unit
channel length in high-discharge months are about an
order of magnitude higher than those during low-
discharge months (e.g., 0.02 versus 0.003 kg m-1 in
first-order streams of Sugar Creek, respectively, based
on LINX results; the predictions are generally similar
for the USGS and ODR models). Additionally, the
nitrate mass removal quantities increase from head-
water to fourth-order streams, and display a generally
similar range of variation as that predicted to occur
seasonally. The predicted increases in nitrate mass
removal per unit channel length with stream size in a
downstream direction are complex functions of
decreasing nitrate concentration (tending to decrease
U and increase Vf and k), increasing discharge (tending
to decrease k and water travel time), and increasing
stream width (which increases the benthic surface area
providing contact between water-column nitrate and
biogeochemically reactive substrates). The predictions
of larger nitrate mass removal in large streams than in
small streams are generally consistent with the
patterns of nitrate mass removal reported in the
literature (Seitzinger et al. 2002; Wollheim et al.
2006, 2008b; Ensign and Doyle 2006; Mulholland
et al. 2008).
We also find that larger quantities of nitrate mass
are removed in nitrate-enriched streams as evidenced
by monthly removal quantities that are one to two
orders of magnitude higher in the first- to fourth-order
streams of Sugar Creek compared to the quantities
in Nashua streams—i.e., 0.002–0.4 vs. 0.0005–
0.03 kg m-1, respectively. Whereas nitrate enrich-
ment increases the magnitude of the nitrate mass
removed in all seasons, enrichment has little effect on
the seasonal share of the annual nitrate mass that is
removed. We find that this share is similar for the two
watersheds—e.g., about 60 and 13% of the annual
nitrate mass that is removed is predicted to occur
during the high-discharge (February–June) and low-
discharge months (August–November), respectively,
in both Sugar Creek and Nashua streams, based on
the LINX model estimates.
By contrast, nitrate enrichment does alter where
nitrate mass removal occurs in river networks as
evidenced by the significantly larger quantities of
nitrate mass that are removed in higher order streams
of the nitrate-enriched Sugar Creek watershed. For
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example, summing the nitrate mass removal sepa-
rately by stream order, we find that fourth-order
streams are predicted to account for a much larger
share (29%) of the total nitrate mass removed in all
streams of the Sugar Creek watershed, compared to
the share for headwater streams (17%), based on the
LINX model results. By contrast, in the less nitrate-
enriched Nashua watershed, fourth-order streams
account for a smaller share (16%) of the total nitrate
mass removed in all streams, compared to the share
for headwater streams (37%). The larger nitrate mass
removal in higher order streams of nitrate-enriched
watersheds is also evidenced by a median mass
removal per meter for fourth-order streams of the
Sugar Creek watershed that is larger than that for
headwater streams by a factor of 20 and 25 during
low-discharge and high-discharge months, respec-
tively; in the Nashua watershed, the median mass
removal per meter for fourth-order streams is only 5
and 15 times larger than that for headwater streams
during the same months. Overall, predictions of the
increased importance of large streams as nitrate sinks
under elevated nitrate loadings and stream nitrate
concentrations are generally consistent with conclu-
sions from recent river network model simulations
(Mulholland et al. 2008; Wollheim et al. 2008b).
Implications for the downstream fate of nitrate
On the basis of the model simulations, we find that the
delivery of nitrate to downstream waters—i.e., the
percentage of the stream nitrate load that is delivered
to the watershed outlet (Fig. 7; Eq. A11)—is strongly
affected by the cumulative removal of nitrate in
headwater and higher order streams during transport
in the river networks. The delivery percentages
(Fig. 7) account for the cumulative effects of denitri-
fication and water travel times on the sequential
removal of nitrate in streams along individual flow
paths in river networks. These predictions display a
dendritic pattern, similar to that reported for annual
conditions in large river networks (Alexander et al.
2000, 2008). For example, we find that although the
percentage of stream nitrate flux removed in individ-
ual headwater reaches of Sugar Creek in May is rather
low (i.e., an average of about 3% based on the mean
transit distance of one half of the reach length), the
percentage of the nitrate flux in headwater streams
that is removed during transit to the watershed outlet
of Sugar Creek is about five- to seven-fold higher—
from 10 to 25%; this corresponds to delivery
percentages of from 75 to 90% (Fig. 7a). An addi-
tional 30% of the nitrate export from Sugar Creek is
also potentially removed in downstream higher order
reaches during transport over the more than 2,000 km
of channel connecting to the Gulf of Mexico, based on
current estimates (Alexander et al. 2008) of the mean
water travel times to the Mississippi River outlet and
the mean annual first-order total nitrogen rate con-
stants for the intervening river reaches.
Furthermore, differences in the nitrate delivery
percentages between the two watersheds (Fig. 7a, b)
demonstrate the importance of biogeochemical fac-
tors, related to anthropogenic nitrate loadings and
in-stream concentrations, as a control on cumulative










(a) SUGAR CREEK (b) NASHUA RIVERFig. 7 Percentages of the
stream nitrate loads in May
that are delivered to the
outlets of the watersheds:
a Sugar Creek, b Nashua
River. Percentages
predicted from the
application of the LINX
field data (Mulholland et al.
2008, 2009) in the river
network simulation model
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river network scale. Nitrate delivery percentages in
the less nitrate-enriched Nashua watershed are sub-
stantially lower and span a much wider range (i.e., 15–
97%) than those in the nitrate-enriched Sugar Creek
watershed, where the percentages of in-stream nitrate
flux delivered to the outlet are relatively large ([75%)
for all stream reaches in the watershed.
The nitrate delivery percentages (Fig. 7) illustrate
the important role that streams of all sizes play in
nitrate removal and the downstream transport of
nitrogen in river networks. Information on cumula-
tive removal is especially useful to identify critical
upstream watersheds, where nitrogen management or
land use change would be expected to have the most
direct effect on nitrate delivery to downstream
receiving waters (and presumably where management
actions would entail the least costs). These critical
upstream watersheds are generally associated with
streams that drain catchments in which the fractions
of nitrate removed by denitrification are small and the
delivery to downstream waters are large (e.g.,[90%;
Fig. 7). The model simulations and field measure-
ments of denitrification analyzed in this study provide
key insights into the effects of biogeochemical and
hydrological factors on the spatial and temporal
dynamics that influence cumulative nitrate removal
and delivery to downstream waters.
Conclusions
The application of a nitrate transport model to
watersheds with highly contrasting land uses and
nitrate loadings provides new insight into the effects of
denitrification on stream nitrate removal in response to
hydrological and biogeochemical rate-controlling
properties. Unique to our study is the use of more than
300 field measurements of denitrification from three
independent reach-scale investigations, which indicate
nonlinear dependence of stream denitrification on
nitrate concentration, discharge, and temperature.
Despite differences in the measurements and their
uncertainties, we find marked similarities in both space
and time in the nonlinear denitrification regression
relations and the river network predictions of nitrate
removal. The general agreement in the functional
relations and model predictions is encouraging, and
offers multiple, independent lines of evidence that lend
credibility to our river network model simulations.
The results indicate that the nitrate removal
efficiency in the stream reaches of river networks,
expressed as the percentage removal of the monthly
in-stream nitrate flux per kilometer of channel, is
substantially reduced during periods and locations
with high nitrate loadings, concentrations, and dis-
charges. Seasonal variations in the nitrate removal
percentages are appreciably larger than stream-size
related (stream order) variations, owing to the
synergistic effects on nitrate removal of seasonal
changes in biogeochemical and hydrological proper-
ties versus the countervailing effects of downstream
changes in selected properties (e.g., nitrate concen-
tration, water depth). Although these patterns are
generally consistent with those reported in literature
studies of the three field data sets evaluated here
(Royer et al. 2004; Smith et al. 2006; Mulholland
et al. 2008, 2009; Wollheim et al. 2008b; Bo¨hlke
et al. 2008), our modeling evaluations of the case
study watersheds reveal new information about the
relative importance of biogeochemical versus hydro-
logical effects on nitrate removal. The findings
underscore the importance of biogeochemical factors,
related primarily to nitrate enrichment (loadings and
stream concentrations), as major controls on nitrate
removal in the watershed streams, but also suggest
that hydrological factors contribute nearly equally to
seasonal and stream-size related variations in the
nitrate removal percentages in each watershed, with
water depth indicated as a more important hydrolog-
ical factor than water velocity. Overall, the results
demonstrate the important biogeochemical effects of
anthropogenic nitrogen sources and land use on
reach-scale denitrification and nitrate removal. Of
particular importance are their effects on the cumu-
lative fractional reduction of nitrate loads in river
networks during critical high-discharge periods that
significantly influence downstream nitrate delivery.
The findings highlight the need for additional
experimental data collection and improved connec-
tions between experimental data and large-scale
watershed models to improve the accuracy of model
predictions of nitrate removal by denitrification in
river networks. Despite similarities in our reach-scale
predictions of stream nitrate removal based on the
different field measurements, the prediction uncer-
tainties are appreciable. For example, the accuracy of
the predictions of the monthly median nitrate removal
percentage per kilometer varies among the models
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from a low of about 65% to more than 200% of the
mean (one standard deviation) during high-discharge
months. This allows reasonable separation of the
major seasonal shifts in the nitrate removal percent-
ages, but limits the ability to reliably discern
differences in the removal percentages within seasons
and across the range of stream sizes where the
percentages display less variability. The large sea-
sonal variations in the reaction rate constants and
nitrate removal percentages, particularly those asso-
ciated with the USGS and ODR field data, stress the
importance of continued evaluations of discharge-
and temperature-related seasonal variability in deni-
trification in future stream studies using multiple
reach-scale experimental sampling and analytical
techniques. Studies are especially needed that simul-
taneously expand both the spatial and temporal scales
of measurement given that recent reach-scale studies
have tended to emphasize either space (site-to-site
differences across varied land uses; LINX) or time
(seasonal and discharge differences at relatively few
sites with uniform land use; USGS, ODR).
New sampling also needs to include a broader
range of discharge regimes, stream sizes, rate-
controlling variables (e.g., organic matter, biotic
uptake, respiration; Smith et al. 2006; Opdyke et al.
2006; Opdyke and David 2007; Mulholland et al.
2008, 2009), and aquatic environments including
floodplains (Richardson et al. 2004; Wollheim et al.
2008b) and lakes and reservoirs (Harrison et al.
2008). Sampling in streams larger than those in the
case study watersheds is technically challenging, but
has particular importance for improving measure-
ments of the cumulative effects of nitrogen removal
in river networks. Such sampling would also improve
the linkages between the experimental field data and
watershed scale nutrient models (e.g., SPARROW,
SWAT, THMB/IBIS; see Boyer et al. 2006). These
watershed models are capable of estimating nitrogen
removal in moderate- to large-sized rivers using mass
balance techniques, but have highly imprecise spatial
and temporal descriptions of denitrification and its
effects on nitrogen transport. As these models are
increasingly applied at smaller scales (e.g., NHD),
opportunities exist to improve their accuracy by
exploring methods for incorporating existing (e.g.,
Alexander et al. 2007) and future experimental field
measurements of denitrification and associated rate-
controlling relations into the models.
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Appendix
A1. Predicting reaction rate constants for Sugar
Creek and Nashua streams
Predictions of the reaction rate constant (k in the
transport simulation model in Eq. 1) were determined
for each reach in the two river networks by separately
applying the five regression equations associated with
the three experimental data sets. For each stream
reach i and month s, we apply the reaction rate
constant regression Eq. 3 [for LINX, USGS and
ODR] to the river network data, such that






where ct is the log re-transformation bias correction
factor specific to each reaction rate constant regression;
the nitrate concentration in reach i is based on the sum
of the nitrate flux from the upstream reach j and lateral
nitrate loadings in reach i (Eq. 1; see ‘‘Lateral loadings
of nitrate to streams’’) and the discharge in reach i (see
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Note that the concentration in Eq. (A2) provides a
conservative estimate of the water-column nitrate
concentration (i.e., overestimate), given that nitrate
removal via assimilation in aquatic plants and
organisms is not included; this may cause an
underestimation of the nitrate removal percentage
by denitrification in the model simulations (see
‘‘Lateral loadings of nitrate to streams’’). Reaction
rate constants are determined from the river network
application of Eq. 5 and the benthic areal rate





















is the log re-transformation bias correction
factor specific to each benthic areal rate regression
equation.
Note that the use of predictions from the LINX
regressions (Eq. A1) in the nitrate transport model
(Eq. 1) assumes that the spatial dependence of the
reaction rate constants on nitrate concentration and
water depth provides a reliable description of the
temporal dependence on these variables. Our analysis
provides a limited evaluation of this assumption,
given that the ODR regressions reflect the seasonal
dependence of denitrification on nitrate concentration
and temperature, while the USGS regressions reflect
seasonal dependence of denitrification on discharge
and concentration (although not temperature). We
assume that the temperature-related seasonal vari-
ability in the ODR model developed for conditions in
the Illinois streams applies equally well to Nashua
streams. The supporting hydrological and water-
quality data and related methods required to apply
the transport simulation model are presented in
‘‘Stream hydrological estimates’’ and ‘‘Lateral load-
ings of nitrate to streams’’.
A2. Stream hydrological estimates
The mean monthly discharge in Eq. A2 is determined
for each reach within the Sugar Creek and Nashua
watersheds by computing the downstream accumula-
tion of the estimated annual and monthly runoff
associated with the incremental drainage of each
reach in the NHD river network for the period
1982–2001 (Sugar Creek) and 1995–2001 (Nashua).
Runoff data were estimated following the approach of
Krug et al. (1989; D. Wolock, USGS, personal
communication) and were obtained from the US
Geological Survey WaterWatch web site (http://water.
usgs.gov/waterwatch/?m=romap&r=us&w=real%2C
map). The mean monthly water velocity (units =
m s-1) is determined for each reach from mean
monthly and annual discharge, based on a previously
published empirical analyses of stream time-of-travel
data in relation to the peak concentration (Jobson
1996), and is calculated as







where Q is the discharge (m3 s-1) for the specified
month, Qa is the long-term period of record mean
discharge (e.g., 1982–2001; units = m3 s-1), and Da








where D is the drainage area (m2) and g is the
acceleration of gravity (m s-2). The Jobson (1996)
Eqs. (A4–A5) are based on data from more than 980
sub-reaches on 90 US rivers (N % 900), and are used
to describe both at-a-station (temporal) and down-
stream (spatial) variability in water velocity in the
river network simulations. Applying the Jobson
equations in the simulations, the resulting exponents
of the water velocity-discharge relation are approx-
imately 0.48 for the at-a-station changes and 0.18 for
the downstream changes; this compares with the
commonly cited exponents of 0.34 and 0.10, respec-
tively, based on empirical measurements (N = 114)
reported for nine major US rivers (Leopold and
Maddock 1953). Also, channel width is generally
more responsive to downstream changes in discharge
than to at-a-station changes in discharge, based on
the width-discharge relations (width = dischargeX,
where x = 0.42 vs. 0.12, respectively). The mean
water depth associated with each discharge value is
calculated based on measurements for US rivers
(N = 114) reported by Leopold and Maddock 1953
and empirically estimated in Alexander et al. (2000);
the at-a-station and downstream exponents of the
depth-discharge relation are both 0.397. In addition to
the monthly statistics (e.g., Eqs. A4–A5), mean
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annual values of discharge, velocity, and depth were
also computed to support parallel estimates of mean
annual nitrate load and nitrate removal in streams for
comparison with the monthly estimates.
A3. Lateral loadings of nitrate to streams
The lateral loadings of nitrate from the incremental
drainage area of each reach, FIi;s (Eq. 1), are estimated
as the product of a representative basin-wide, multi-
year, monthly time series record of nitrate yield (Ys;
mass per unit drainage area per time) and the
incremental drainage area of each reach (DIi ), such that
FIi;s ¼ YsDIi : ðA6Þ
The time series of monthly nitrate yields is derived
from nearby stream monitoring records of nitrate
concentrations and daily discharges for each of the
two watersheds. The records are for the stream
monitoring sites at Sugar Creek at Milford, Illinois
(drainage area = 1,155 km2) for the period 1982–
2001 (located downstream of the outlet of the
watershed used for the simulations) and Stillwater
River near Sterling, MA (drainage area = 75 km2) for
the period 1995–2001 (located in an adjacent
watershed to the south of the North Nashua
watershed). These records provide a generally repre-
sentative description of the approximate magnitude
and monthly variability of the ground and surface
water inflows to streams in the modeled river
networks; the inflows reflect nitrate inputs from
anthropogenic and natural sources. Although the
cumulative effects of in-stream removal processes
(i.e., biotic assimilation, storage, denitrification)
require that the actual loadings to stream reaches are
higher than indicated by these monitoring records,
adjustment for these effects is beyond the scope of this
study. Therefore, the input nitrate loads, stream nitrate
concentrations, and denitrification rates in our simu-
lations are not intended to identically match those of
the case study watersheds, but rather to illustrate
contrasts. For example, doubling the assumed lateral
nitrate loadings in Eq. A6 would lower predictions of
the monthly nitrate removal percentages per kilometer
of stream channel (Fig. 6) by 14–30%, based on the
LINX and USGS simulations. A 10-fold increase in
the assumed lateral nitrate loadings lowers the nitrate
removal percentages by 42–70%. Note that the effects
of these different nitrate loading assumptions on the
monthly removal percentages are assessed as part of
the sensitivity evaluations of biogeochemical factors
(i.e., nitrate loadings; Table 2; Fig. 6). We assume
that the lateral nitrate yields (Eq. A6) are homogenous
across all catchments within each watershed; thus, the
analysis does not account for spatial variability in
watershed land use. In general, an assumption of
constant land use (and lateral nitrate loadings) is more
realistic for Sugar Creek, which is dominated by corn-
soybean cultivation, than for the Nashua watershed,
which has more heterogeneous land use.
We use the monitoring data at the Sugar Creek
(Milford) and Stillwater River monitoring sites to
estimate monthly nitrate yields (Eq. A6) for the
periods of the nitrate and discharge records, based
on statistical rating curve estimation methods (Sch-
warz et al. 2006). Accordingly, we first model the
measured stream nitrate flux according to
lnðFmÞ¼b0þb1Tmþb2 lnðQmÞþb3 sinð2pTmÞ
þb4 cosð2pTmÞþem ðA7Þ
where Fm is the instantaneous nitrate flux (mass
time-1; product of the instantaneous concentration
and mean daily discharge) for the mth observation;
Tm as described earlier is decimal time in years (the
descriptor of annual linear trend in flux); ln is the
natural logarithm, Qm is contemporaneous mean daily
discharge; seasonal variability is described by trigo-
nometric functions of decimal time; em is the model
error assumed to be independently and identically
distributed as a normal random variable with mean
zero and standard deviation r; andb0;b1;...;b4are
estimated log-linear regression coefficients. Model
residuals were evaluated for normality and constant
variance following calibration of the models.
Mean monthly estimates of nitrate yield are
predicted by integrating Eq. A7 with the mean value






exp[b0 þb1Tr;s þb2 lnðQr;sÞ





where cr,s is the Duan log re-transformation bias
correction factor (Schwarz et al. 2006), and DM is the
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drainage area upstream of the monitoring site. This
calculation is repeated for all months in the multi-
year period of the available discharge record to
determine the time series of monthly yields for each
basin. Annual nitrate yields are also calculated to
support the estimation of annual values of stream
nitrate flux and denitrification in the river network
reaches. As expected based on the model predictions,
the response of nitrate yield to changes in discharge is
larger for the highly agricultural Sugar Creek mon-
itoring site (discharge exponent of 1.504) compared
to the highly forested and modestly urbanized
watershed upstream of the Stillwater river site
(coefficient of 0.934).
A4. Stream nitrate removal metrics
The monthly fraction of the nitrate removed by
denitrification in stream reaches is computed as the
difference between the decayed and non-decayed
stream nitrate fluxes. Specifically, we calculate the
monthly nitrate removal in reach i (Rri;s) as a
percentage of the total nitrate mass flux in the reach
(sum of the upstream nitrate flux and lateral nitrate














We also calculate the absolute mass quantity of
nitrate removed by denitrification (RMi;s) expressed per
unit of reach length, according to






Finally, a cumulative measure of the percentage of
the nitrate flux entering an upstream reach y (Py,s)
that is delivered to the downstream end of reach i—
the outlet of the Sugar Creek or Nashua watershed—
is determined as the product of the nitrate transport
fractions for reach y, i and all intervening stream










This provides information about the downstream
fate of nitrate specific to the flow path that connects
each reach in the river network to the watershed
outlet. Note that for reach y only one half of the reach
length is applied in keeping with the model assump-
tion that the lateral nitrate loadings to a stream travel,
on average, one half the length of the reach.
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